WORKING PAPER 2012:1
Sören Höjgård
Fredrik Wilhelmsson

Biogas Production from Manure

Biogas production from manure

AgriFood Economics Centre working paper
Sören Höjgård and Fredrik Wilhelmsson

1

1. Introduction

Climate policy has high priority in the Swedish political debate and agriculture is a
major source of greenhouse gas (GHG) emissions (about 13 percent of total
Swedish emissions, SwEPA, 2011). Accordingly, there has been interest in finding
cost-effective ways to reduce them. If emissions could be measured at reasonable
costs, the societal costs of a given reduction is minimised if market instruments,
such as GHG-taxes or tradable emission permits, are used (OECD, 2009). However,
agriculture’s emissions primarily consist of nitrous oxide (N2O) from land use and
manure, and methane (CH4) from farm animals and manure (SwEPA, 2011) and
quantifying these emissions at the farm level is inherently difficult (IPCC, 2006;
Berglund et al., 2009; Kasimir Klemedtsson, 2009). Implementing a tax when emissions from individual sources cannot be measured would be infeasible since, as the
tax base is uncertain, acceptance for the tax would be low. Moreover, the tax might
not create incentives to reduce emissions as individual efforts to do so, given that
their effects cannot be measured, would not result in lower taxes. Hence, no GHGtaxes have been levied on emissions of methane and nitrous oxides, neither are
they included in EU:s system for tradable emission permits (EU-ETS).
An alternative strategy could be to pay farmers for specific activities for which the
effects on GHG-emissions can be quantified. For instance, methane emissions could
be reduced if manure was anaerobically digested and used for the production of
biogas instead of being stored and used as fertiliser. Moreover, using the digestate
as fertiliser could reduce demand for inorganic fertiliser which, in turn, would reduce emissions of nitrous oxide from the production of inorganic fertiliser (Davis
and Haglund, 1999). While the effects on GHG-emissions are of primary interest,
producing biogas from manure may also affect other emissions. For instance,
replacing manure with digestate as fertiliser could reduce nitrogen leakage
(Blomqvist, 1993; Sommer et al., 2001), thereby reducing eutrophication of, for
example, the Baltic. Furthermore, if the biogas was to replace fossil fuels in
transportation, there may be additional effects on emissions from combustion. On
the other hand, producing biogas from manure also generates emissions that have
to be accounted for. Nevertheless, by quantifying the net reduction of emissions
per normal cubic meter (Nm3) methane produced, farmers could be paid according
to the societal value of the net reduction of emissions. This could provide incentives to reduce emissions without distorting overall resource allocation.
It has been conjectured that biogas production could provide further benefits in
the form of increased employment. However, if “biogas production” is not the only
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job opportunity for those that might be employed, there would be no external effects from that employment per se. In that case, the societal value of these jobs
consists of the market value of the biogas produced, plus the value of the environmental effects resulting from that production. With the possible exception of
sparsely populated regions in northern Sweden, it is highly unlikely that biogas
production would be the only job-opportunity for persons so occupied (note, also,
that the number of farm animals in these regions is very small). Accordingly, potential employment effects are not discussed in the present paper.
It should be noted that there already is an indirect subsidy for biogas in place in
Sweden as it is, for all practical purposes, exempted from energy and carbon dioxide taxes (Skatteverket, 2010). However, while the size of this subsidy varies depending on type of end-use, it does not depend how the biogas has been produced.
Accordingly, the subsidy seems to account for effects on emissions arising from the
consumption of biogas rather than for effects arising from its production. Thus, a
subsidy to the production of biogas, in addition to the current indirect subsidy to
consumption, may be warranted if production of biogas has positive environmental
effects. It should also be noted that the Swedish rural development programme
includes an investment subsidy that could be utilised for investing in anaerobic
digestion facilities. This raises the question of if a subsidy covering the value of the
reduction of negative externalities from the production of biogas implies that anaerobic digestion facilities should not be eligible for this investment support. This is
not necessarily the case as investment support may be motivated as long as the
market for biogas is in an early stage and the technology not fully developed.
The purpose of the study is to use the information available to quantify the net
effect on emissions when producing biogas from manure under Swedish conditions
and to estimate the societal value of this effect per Nm3 methane produced. The
paper is organised as follows: in section 2 estimates of emissions from the storage
and use of manure as fertiliser are compared to emissions when manure is used to
produce biogas and the digestate is used as fertiliser, section 3 discusses the valuation of the environmental impact of biogas production and the societal value of
biogas production. Concluding remarks are presented in section 4.

2. Environmental impacts of producing biogas from manure

The environmental impacts of biogas production are inferred by comparing emissions from traditional manure handling where manure is stored and used as
3

fertiliser, to emissions from a biogas system where the methane is extracted from
the manure and the digestate is used as fertiliser. The environmental impact of this
change could be divided into four separate effects: (1) global warming from GHGs
(methane, nitrogen oxides, carbon dioxide, carbon oxide and nitrous oxide); (2)
eutrophication (nitrogen, nitrogen oxides and ammonia), which has negative effects on water eco-systems and recreational values; (3) acidification (sulphur
dioxide, nitrogen oxides and ammonia), which has detrimental effects on capital
equipment; and (4) adverse effects on human health (particular matter, sulphur
dioxide, carbon oxide and nitrogen oxides). In section 2.1, emissions from traditional handling of manure, which are avoided when producing biogas, are quantified. Section 2.2 quantifies emissions from biogas production. Section 2.3, finally,
quantifies the net environmental effect of biogas production by subtracting the
former emissions from the latter.
2.1 Emissions from the storage and use of manure as fertiliser
Methane emissions from the storage of manure vary according to climatic conditions. For the purpose of this paper, Sweden has been divided into three climate
zones, based on temperature data from SMHI. The three climatic zones are
illustrated in Figure 1; northern Sweden with the coldest climate (blue area),
central Sweden (green) and southern Sweden (yellow).
Figure 1: Swedish climate zones used in the paper

There are few empirical studies of GHG-emissions from manure storage in colder
(Scandinavian) climates. The present paper builds on the results in Sommer et al.
(2001), and Rodhe et al. (2008). The study by Sommer et al. (2001) was designed to
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mimic the conditions under which a typical Danish swine- or cattle farm operates,
while the study by Rodhe et al. (2008) was a field experiment conducted near
Uppsala and designed to represent the conditions on a Swedish cattle farm. Still, it
should be kept in mind that whether or not the results can be generalized is subject
to uncertainties (depending on, for instance, differences in the content of dry matter (TS) and volatile solids (VS) in the slurry).
The differences in location, i.e. Denmark vs. central Sweden, are of significance as
emissions increase with higher temperatures (IPCC, 2006). First, except in the
southern part of Sweden, mean out-door temperatures are lower than in Denmark
(cf. www.smhi.se). Second, in Sweden, slurry is typically transferred from the stable
to the storage tank on a daily basis (communication with Maria Berglund,
Hushållningssällskapet Halland) while, in the study by Sommer et al. (2001), it was
assumed that swine slurry was transferred to the storage tank twice a month and
cattle slurry once a month. As temperatures are higher in the stable, total emissions will be larger the longer the transfer is delayed. In addition, in Sweden, manure is distributed on the lands twice a year (spring and autumn, cf. Rodhe et al.,
2008) while in Sommer et al. (2001) it was assumed that manure was distributed in
spring only. According to Sommer et al, distributing manure also in the autumn
would reduce methane emissions by about 10 percent.
Thus, to adjust for effects of differences in storage practice between Denmark and
Sweden, emissions occurring before the slurry is transferred to the storage tank,
reported in Sommer et al. (2001), are ignored while emissions from the storage
tank are multiplied by the factors 1.04, for swine slurry, and 1.08 for cattle slurry. 1
Then, to adjust for effects of differences between Denmark and Sweden in the
frequency of distributing manure on agricultural lands, emissions are reduced by a
further 10 percent. The results are assumed to be representative for emissions of
methane that would occur in the southern part of Sweden and presented in the
“south” column in Table 2.1 below.
The results in Rodhe et al. (2008) are assumed to be representative for central
Sweden and presented in the “central” column of Table 2.1. Emissions are likely to
be even lower in northern Sweden but we have been unable to find estimates for
that part of the country. In addition, the majority of farm animals are found in
southern and central Sweden (cf. SCB, 2010).

1

Since the emissions are calculated on an annual basis and direct transfer would increase the average time in the storage tank by 0.5/12 months for swine slurry, and 1/12 months for cattle slurry.
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Table 2.1: Methane (CH4) emissions from manure storage in Sweden.
Region
South
g methane / ton slurry from:
Swine
Cattle
3
c
Nm methane / ton slurry from
Swine
Cattle
3
g methane / Nm methane produced from
Swine slurry
Cattle slurry
3
d
g CO2-equivalents / Nm methane produced from
Swine slurry
Cattle slurry

a

2 213
a
1 255

Central
N.a.
b
376

16 Nm
3
14 Nm

3

16 Nm
3
14 Nm

3

138.313
89.643

N.a.
26.857

3 457.813
2 241.071

N.a.
671.429

Notes:
a) Own calculations using the results in Sommer et al. (2001) and assuming that VS constitutes 64 kg/ton swine or cattle
slurry.
b) Using the expression in Rodhe et al: (g CH4/ton slurry) = (VS x TS x 4.4g CH4-C/kg VS x 4/3 x 1000) and assuming that VS
is 80 % of TS, that TS is 8 % of the slurry and that 1 g CH4 = 1.33 g CH4-C.
c) It is assumed that each ton of slurry contains 80 kg TS (8 %), and that 1 kg TS in swine (cattle) slurry produces 0.2 (0.175)
Nm3 CH4, (Berglund and Börjesson, 2003; Linné et al., 2008).
d) GWP100 conversion factor: 1 g CH4 = 25 g CO2-equivalents

Table 2.1 shows how methane emissions from 1 ton of manure are translated into
emissions measured in CO2-equivalents per Nm3 methane produced. For example,
in the south of Sweden, 1 ton of swine slurry stored would result in 2 213 gram of
methane emissions. As 1 ton of swine slurry produces biogas equivalent to 16 Nm3
methane, emissions per Nm3 methane would be 138.313 gram methane which, in
turn, corresponds to 3 457.813 gram of CO2-equivalents per Nm3 methane.
Next, distributing manure on agricultural lands causes emissions of ammonia (NH3)
and nitrous oxide (N2O). Table 2.2 shows results based on the study by Sommer et
al. (2001). It is assumed that NH3-emissions correspond to about 5 percent of the
ammonium content in the slurry, that the nitrate content is 5.1 (3.9) percent of the
dry matter in swine- (cattle) slurry, and that the dry matter content in the slurry is 8
percent. It is assumed that the emissions in Sommer et al. (2001) are
representative for what could be expected also in the colder Swedish climate.2
Ammonia does not contribute to the greenhouse effect. However, it contributes to
eutrophication and acidification. The eutrophication potential (EP) is measured in
phosphate equivalents (PO4-Eq.) and the acidification potential (AP) is measured in
sulfur dioxide equivalents (SO2-Eq.). 3

2

Rodhe et al (2008) contains no estimates of NH3 and N2O emissions from the distribution of slurry.
According to Sommer et al. (2001), lower temperatures are expected to reduce the microbial
activity generating emissions of nitrous oxide but it is not possible to quantify by how much.
3
See Lindahl et al., (2002) for the EPs and APs of different substances emitted.
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Table 2.2: Emissions of nitrous oxide (N2O) and ammonia (NH3) from manure distributed on agricultural lands in Sweden.
Emission
N2O from:
Swine
Cattle
NH3 from:
Swine
Cattle

g/ton slurry
43.91
33.53

3

g CO2-Eq./Nm CH4

3

g PO4-Eq/ Nm CH4

3

g SO2-Eq/ Nm CH4

817.821
713.710

250.00
264.77

5.469
6.619

Notes: 1 ton of swine (cattle) slurry assumed to contain 16 (14) MJ of raw energy.
GWP100 conversion factor: 1 g N2O = 298 g CO2-equivalents
EP conversion factor: 1 g NH3 = 0.35 g PO4-equivalents
AP conversion factor: 1 g NH3 = 1.9 g SO2-equivalents

29.688
35.331

Adding, respectively, the CO2-, PO4- and SO2-equivalents in Tables 2.1 and 2.2 gives
the total emission from storing and using manure as fertiliser.
Table 2.3: Total emissions/leakage from storing and using manure as fertiliser
Emission
Sum g CO2-Eq.
Swine slurry:
Cattle slurry:
Ammonia from:
Swine slurry
Cattle slurry

3

g CO2-Eq./Nm CH4
South
Central
4 275.634
1 855.165
2 954.781
1 385.139

3

g PO4-Eq/ Nm CH4

5.469
6.619

3

g SO2-Eq/ Nm CH4

29.688
35.331

Note: When calculating total emissions of CH4/Nm3, it is assumed that the lower temperatures in central Sweden reduce
CH4-emissions from storage of swine slurry by the same percentage as they reduce CH4-emissions from storage of
cattle slurry (i.e. by 70 %, cf. Table 2.1)

2.2 Emissions from biogas production and the use of digestate as fertiliser
Emissions from biogas production arise from the use of energy for transports and
running the digestion facility. As the majority of Swedish farms produce only limited amounts of manure, it is assumed that biogas is produced at a central facility
to which manure is transported from several individual farms. Hence, emissions are
caused by the use of energy when (1) transporting manure to the digestion facility,
(2) transporting the digestate back to the farm and distributing it on the lands, and
(3) running the digestion facility (i.e., it is assumed that there are no leakage of
biogas from the digestion facility). These emissions (based on Börjesson and
Berglund, 2003) are summarised in Table 2.4 below (for further details see Tables
A1 – A3 in the Appendix). 4

4

A farm running its own biogas facility avoids emissions from transporting manure to the facility
and digestate back to the farm (Table A4 in Appendix A). This reduces emissions in Table 2.4 by
3
about 20 percent per Nm methane produced.
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Table 2.4: Emissions caused by energy used for transports of manure, and running
the digestion facility.
Emission

3

g/Nm CH4
Swine
Cattle
slurry
slurry

CO2

516.250

CO

3

3
g CO2-Eq./Nm CH4 g PO4-Eq/ Nm CH4
Swine
Cattle
Swine
Cattle
slurry
slurry
slurry
slurry

590.00 516.250

590.00

0.502

0.574

1.506

1.721

NOx

3.725

4.257

26.075

29.800

HC

0.259

0.296

2.846

3.253

CH4

0.069

0.077

1.719

1.964

SO2

< 0.000

< 0.000

PM2.5
0.069
0.077
3
Sum g CO2-Eq./Nm methane

548.396

0.553

Swine
slurry

Cattle
slurry

2.608

2.980

< 0.000

< 0.000

2.608

2.980

626.738

3

Sum g PO4-Eq./Nm methane
3

0.484

3

g SO2-Eq/ Nm CH4

Sum g SO2-Eq./Nm methane
3
Energy input MJ/Nm methane produced from:
Swine slurry 12.188
Cattle slurry 13.929

0.484

0.553

GWP100 conversion factors: 1 g CO = 3 g CO2-Eq.; 1 g NOx = 7 g CO2-Eq.; 1 g HC = 11 g CO2-Eq.; and 1 g CH4 = 25 g CO2-Eq.
EP conversion factor: 1 g NOx = 0.13 g PO4-Eq.
AP conversion factor: 1 g NOx = 0.70 g SO2-Eq.

The energy required per ton manure is assumed to be the same regardless of what
type of slurry that is processed and where it is processed. However, as methane
production per ton manure is higher for swine- than for cattle slurry (cf. Table 2.1),
emissions per Nm3 methane differ between types of slurry. It is assumed that slurry
is transported to the central digestion facility by lorry, that the digestate is
transported back to the farms by lorry and distributed on the lands by tractor
(generating emissions of carbon oxide (CO), carbon dioxide (CO2), nitrogen oxides
(NOx), hydrocarbon (HC), sulfur dioxide (SO2), and particular matter (PM2.5) from
the combustion of diesel). In addition to contributing to the greenhouse effect, NOx
also contribute to eutrophication and acidification. The distance from the farm to
the digestion facility is assumed to be 10 km. The energy used for running the
digestion facility is assumed to come from electric power (38 percent) and biogas
(62 percent). The electricity is assumed to be produced from natural gas. 5

5

According to Börjesson and Berglund (2003), emissions from electricity generated by natural gas
are representative for the Swedish electricity production (a mix of mainly hydroelectric- and nuclear
power and a small quantity from fossil fuels). It could be argued that emissions from the digestion
facility should, instead, be elicited from those caused by a marginal increase in electricity production. As Sweden is fully integrated in the Nordic electricity market, this would mean coal-condensing
power and result in substantially larger emissions (Uppenberg et al., 2001). The reason is that, even
if biogas producers might use hydroelectric- or nuclear power, this would force other users to buy
electricity produced by more polluting methods. However, in the long run, increased demand for
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Distribution of digestate on agricultural lands causes emissions of nitrous oxide
(N2O) and ammonia (NH3). Emissions of N2O contribute to global warming while
emissions of NH3 contribute to eutrophication and acidification. On the other hand,
the digestion process raises the concentrate of ammonium nitrate which is more
accessible to plants. Thus, substituting manure with digestate may reduce nitrogen
leakage by about 20 percent (or 250 g N) per ton manure (Börjesson and Berglund,
2003). This would partly counteract the contribution to eutrophication from the increase in ammonia emissions when distributing digestate instead of slurry. To estimate the net effect, the nitrogen and ammonia leakages are converted to
phosphor (PO4) equivalents. Results are presented in Table 2.5.
Table 2.5: Emissions and leakage when replacing manure with digestate.
Emission

g/ton manure

g CO2-Eq./
3
Nm CH4

26.35
22.16

490.800
471.771

a

g PO4-Eq/
3
Nm CH4

g SO2-Eq/
3
Nm CH4

35.782
43.754

N2O from distribution of
digestate from swine slurry:
digestate cattle slurry:
a
NH3 from distribution of
digestate from swine slurry:
digestate from cattle slurry:

301.32
322.40

6.592
8.060

Reduced N-leakage due to
b
better uptake of
digestate from swine slurry:
digestate from cattle slurry:

-250.00 (-304.878)
-250.00 (-304.878)

-6.669
-7.622

Net effect on nutrient emission/leakage by using digestate from
swine slurry:
cattle slurry:

-0.077
0.438

Notes: a) Based on Sommer et al. (2001)
b) Based on Börjesson and Berglund (2003), converted to NH3-equivalents (in parentheses) by dividing g N/ton
slurry by 0.82 (communication with Maria Berglund, Hushållningssällskapet, Halland).
GWP100 conversion factor: 1 g N2O = 298 g CO2-equivalents
EP conversion factor: 1 g NH3 = 0.35 g PO4
AP conversion factor: 1 g NH3 = 1.9 g SO2

Finally, the digestate may also substitute for inorganic fertiliser, implying that demand for, and emissions from the production of inorganic nitrogen, will be reduced.6 Table 2.6 presents estimates of reductions in emissions from the production of inorganic fertiliser when it is substituted by digestate. It is assumed that 1
ton of manure results in 1 ton of digestate which replaces 220 g of inorganic fertiliser (Börjesson and Berglund, 2003). To convert this to reduction per Nm3 methane
electricity may change the production mix in the Nordic market and reduce emissions from marginal
electricity. We have, therefore, chosen to keep the assumptions in Börjesson and Berglund (2003).
6
Table A5 in the Appendix presents estimates of life-cycle emissions per kg nitrogen in the
production of inorganic N-fertiliser from Davis and Haglund (1999).
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produced, these results are divided by the methane content per ton manure (16
Nm3 for swine- and 14 Nm3 for cattle slurry).
Table 2.6: Emissions reduction per Nm3 methane from the substitution of digestate
for inorganic fertiliser

Digestate
Emission

CO2
CO
NOx
HC
CH4
SO2
Sum g CO2-Eq.

From swine slurry
g CO2-eq./
g PO4-eq./ g SO2-eq/
3
3
3
Nm
Nm
Nm
44.688
0.015
0.770
0.014
0.077
0.027
1.066
0.063
46.566

Sum g PO4-Eq.

0.014

Sum g SO2-Eq.
PM2.5

g CO2-eq./
3
Nm
51.071
0.017
0.880
0.031
1.219

From cattle slurry
g PO4-eq./
g SO2-eq/
3
3
Nm
Nm
0.016

0.088
0.072

53.218
0.016

0.140
0.011 g/ Nm

3

0.160
0.013 g/ Nm

3

2.3 Net effects on global warming, eutrophication, and acidification
The net environmental effects are found by comparing the emissions and nutrient
leakages that would have occurred in traditional handling of manure (Tables 2.3
and 2.6) to the emissions and nutrient leakages caused by the production of biogas
and the use of digestate as fertiliser (Tables 2.4 and 2.5).
However, the contribution to eutrophication from the ammonia (NH3) and nitrous
oxides (NOx) emissions, as well as from the nitrate leakage from agricultural lands,
depends on how much of these emissions/leakages that reach the sea. For the
ammonia and nitrous oxides emissions, this depends on how much that is carried
directly out to sea and how much that is deposited on the ground. For emissions
deposited on the ground, as well as for the nitrogen leakage from agricultural
lands, the share that eventually reaches the sea depends on runoff conditions,
which differ between regions. This implies that the results regarding emissions of
ammonia and nitrous oxides, and nitrate leaking from agricultural lands in Tables
2.3 – 2.6, need to be adjusted before the net effects are calculated. Table 2.7
presents estimates by Brandt and Ejhed (2002) of the percentage of the nitrate
leaking from agricultural lands that reaches the sea basins adjacent to Sweden. It
also includes data on the share of total nutrient leakage in the regions with runoff
to the respective sea basins (Johnsson and Mårtensson, 2002).
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Table 2.7: Percentage of nutrient leakages from agricultural lands reaching the sea
Sea basin
Gulf of Bothnia – northern part
Gulf of Bothnia – southern part
Baltic sea
Öresund
Kattegat
Skagerrak

a

Share of leakage reaching the sea
67
69
59
70
66
70

Notes: a) Data from Brandt and Ejhed (2002).
b) Data from Johnsson and Mårtensson (2002)

Share of total leakage
2.9
4.8
38.0
17.2
14.1
23.3

b

Biogas produced in the south of Sweden affect eutrophication of the Baltic, the
Öresund and the Kattegat. The average share of nutrients leaking from agricultural
lands in this part of the country that reaches the sea (using the share of total
leakage to each sea basin as weights) is about 65 percent. Biogas produced in
central Sweden affect eutrophication of the Baltic and the Skagerrak. The average
share of nutrients leaking from agricultural lands in this part of the country that
reaches the sea is about 63 percent. As the difference is small, the reduction in
nutrient leakage is multiplied by 0.64 (i.e. the mean of these two averages)
regardless of where the biogas has been produced.
To our knowledge, there are no estimates of how much of the Swedish ammonia
and nitrous oxides emissions that is carried directly out to sea. To avoid overestimating their effects on eutrophication, it is assumed that all of them are deposited on the ground. Thus, all emissions/leakages of phosphate-equivalents in Tables
2.3 – 2.6 are adjusted in this way.
In a similar vein, the contribution to acidification depends on how much of the
ammonia, the nitrous oxides and the sulphur dioxide (SO2) emissions that are deposited on the ground in Sweden. As it has been assumed that all of the ammoniaand nitrous oxides emissions are deposited on the ground, the question primarily
concerns the sulphur dioxide emissions. According to Statistics Sweden (SCB, 2000),
about 29 percent of the total Swedish sulfur emissions are deposited in Sweden. 7
Thus, to estimate the contribution to acidification, the sulphur dioxide equivalents
from emissions of ammonia and nitrous oxides in tables 2.3 – 2.6 have not been
adjusted while those caused by emissions of SO2 have been multiplied by the factor
0.29. Table 2.8, below, shows the net effects on emissions when substituting
7

It may be argued that SO2-emissions “exported” from Sweden also should be included as they have
adverse environmental effects in other countries. However, estimates of these effects are scarce
and uncertain as the SO2-molecules react chemically with other air molecules and form new substances with different environmental effects. The extent of such reactions depends on atmospheric
conditions and is difficult to estimate. Therefore, only those effects that affect Sweden are accounted for, implying that the damage caused by the SO2-emissions probably are under-estimated.
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traditional handling of manure with biogas production after all these adjustments
have been done.
Table 2.8: Net effects on emissions from biogas production (per Nm3 methane)
South of Sweden
Central part of Sweden
Biogas produced
from
3
Sum g CO2-Eq./Nm
(Greenhouse gases)
3
Sum g PO4-Eq./Nm
(Eutrophication)
3
Sum g SO2-Eq./Nm
(Acidification)
3
Sum PM2.5 g/Nm

Swine slurry

Cattle slurry

Swine slurry

Cattle slurry

-3 283.004
(-3 392.696)
-3.249
(- 3.314)
+8.607
(+8.091)
+0.058
(+0.049)

-1.909.490
(-2 039.603)
-3.612
(-3.684)
+11.294
(+10.729)
+0.064
(+0.054)

-869.187
(-876.401)
-3.249
(- 3.314)
+8.607
(+8.091)
+0.058
(+0.049)

-339.848
(-345.965)
-3.612
(-3.684)
+11.294
(+10.729)
+0.064
(+0.054)

Notes: A negative sign indicates that emissions are reduced by X g/Nm3 methane produced while a positive sign implies that
emissions increase by X g/ Nm3 biogas produced. Results for a farm running its own digestion facility in parentheses.

As evident from table 2.8, the net effect on GHG-emissions is highly dependent on
where the biogas is produced and, to a lesser extent, on what kind of manure that
is used. Nevertheless, producing biogas from swine or cattle slurry and replacing
slurry and inorganic fertiliser with digestate, reduce emissions of GHGs and
substances contributing to eutrophication. On the other hand, emissions of substances contributing to acidification, and of particular matter, all increase.

3. The societal value of biogas production

The impact of biogas production from manure on the environment is twofold. First,
it has the potential to reduce emissions of GHGs and nitrogen leakage which is a
positive external effect. Second, emissions of particular matter and acidifying substances may increase, thus, causing a negative externality. The positive and negative environmental effects are expressed in different units (i.e. CO2-, PO4-, SO2equivalents, and PM) in Table 2.8. Thus, in order to be comparable and allow an
evaluation of the total impact, they have to be measured in value terms. The usual
way to convert units to values is to use their market prices. However, being externalities, there are no natural market prices on emissions of GHGs, substances contributing to eutrophication and/or acidification, or PM. When there are no market
prices, values may be elicited by investigating peoples’ willingness to pay (WTP) for
a good (or avoiding a hazard) by indirect methods, so called contingent valuation
(cf. Alberini and Kahn, 2006). However, relying on peoples’ WTP for avoiding global
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warming for eliciting the value of a reduction in GHG-emissions may be problematic as the full effects on global warming of GHG-emissions will not be realised by
the present generation. This has prompted discussions on the ethical implications
of basing decisions on the present generation’s valuations (cf. Stern, 2007) and, it
has been suggested that, rather than using the WTP of the present generation
which, inter alia, is affected by their appreciation of the problem and by their timepreferences, the value of reduced GHG-emissions should be elicited differently. In
addition, the impact of GHG-emissions is global while effects of, for example, particular matter are local. Thus the emissions of GHGs will have an impact both on
Sweden and other countries while emissions of particular matter only will affect
the environment in Sweden. This further complicates the problem of using peoples’
WTP to value reductions in GHG-emissions as WTP will also depend on incomes
which differ substantially between countries.
Contrary, the effects of emissions of eutrophicating and acidifying substances, as
well as of particular matter are local and their impacts are realised by the present
generation. Hence, the above arguments against using the WTP of the present
generation to elicit the value of a reduction in emissions of substances contributing
to eutrophication, or the costs of an increase in emissions of acidifying substances
and particular matter, do not apply.
Regarding GHG-emissions, several attempts to estimate the value of the damages
caused have been made. The results differ depending on the underlying assumptions and the method used as discussed in section 3.1. Fewer studies have attempted to estimate the value of the marginal damage caused by the other emissions. The problems of valuing these effects are discussed in sections 3.2 and 3.3.
Finally, the total subsidy is calculated in section 3.4 by adding the values of the reduction in GHG-emissions and eutrophicating substances and subtracting the costs
of increased emissions of PM2.5 and acidifying substances.
3.1 The value of reduced GHG-emissions
Though the full environmental impact of GHG-emissions is not known, it is widely
recognized that there is a link between GHG-emissions and a rising global temperature. This implies that GHGs cause damage to the environment resulting in a cost
for society. To limit these emissions at an efficient level there should be a cost attached to them. From a theoretical point of view, this cost/price should equalize
the marginal damage cost and marginal abatement cost for these emissions. Furthermore, to achieve an efficient reduction, this price should be the same for all
sources of emissions on a global basis. In practice however, it is difficult to correctly
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asses the marginal damage cost and marginal abatement cost of GHG-emissions
and it is unlikely that a political agreement on a price mechanism can be reached at
the global level. As a global price does not exist and, as there is no consensus on
the correct value of emission reductions among researchers, one will have to use
indirect methods to attach a value to reductions of GHG-emissions. Possible alternatives are; (1) an estimation of the marginal abatement cost to reach a given level
of emission reduction, (2) use the current costs of GHG-emissions in regional systems such as the EU Emission Trading System (EU-ETS); (3) use national taxes as an
indicator for the value attached to emission reductions in a nation.
The abatement cost will depend on the emission reduction target. A more ambitious target will imply higher abatement costs since the least costly measures (per
unit of emission reduction) could be expected to be implemented before more expensive ones. Even though technological progress may reduce the costs of particular measures in the future it is likely that more expensive abatement measures will
have to be implemented to meet the climate target as the amount of emissions is
reduced further. The value of current emission reductions in the agricultural sector
should be based on the value of current reductions and not on possible future values of emission reductions (e.g. estimated future abatement costs). A policy that
values emission reductions based on their possible future values would be inefficient as it would support more costly measures to reduce GHG-emissions by a
given amount. If the value of emission reductions increases in the future, the policy
should be revised to take that into account. In addition, the value of emission reductions required to reach the 2 Co target sometime in the future is highly uncertain, and Sweden will not be able to reach the climate targets by itself; hence the
alternative of using abatement costs as basis for the price of GHG-emissions seems
less relevant for assessing the value of current reductions in the agricultural sector.
The price in the EU-ETS reflects the value of GHG-reductions in sectors included in
the trading system. It could be discussed whether this is a reasonable price given
the reduction targets of the EU but that is not within the scope of this paper. However, the Swedish policy makers could choose to buy emission permits in the EUETS to force a reduction in emissions from firms in the EU-ETS at the market price
of emission permits. Hence, if measures in the agricultural sector are more expensive than buying emission permits, it is more cost-effective to buy emission permits. It should be noted that the price of emission permits fluctuates over time and
that purchases of permits would increase their price since the number of emission
permits is limited. The extent of the price effect will depend on the abatement cost
of firms in the EU-ETS and the amount of permits purchased. Thus, it is actually
difficult to know the exact cost of a given emission reduction obtained by pur-
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chases of emission permits. The current (February 13, 2012) price of EU allowances
is € 7.5 (ICE 2012) or SEK 66.4 per ton CO2-equivalents.8 This price is low relative to
recent prices. During 2009, for example, the price never fell below € 8 and it was as
high as € 15.6 per ton CO2-equivalents, with prices above € 13 for a substantial part
of the year (European Climate Exchange 2010). Moreover, the prices for emission
permits could be expected to increase over the next few years as the number of
permits is to be reduced and economic growth improves, thus increasing the demand for emission permit. Calculating the value of reductions of GHG-emissions
based on the current price of permits in the EU-ETS should thus be considered a
lower bound for the value of GHG-emission reductions in the agricultural sector.
Emission taxes could be said to reflect the value policy makers attach to reductions
of GHG-emissions. These values could of course differ across sectors and countries
so it is not straightforward to draw inferences on the true value attached to a reduction. This paper uses Swedish taxes on carbon dioxide emissions as they reflect
the value attached to a reduction of GHG-emissions in Sweden by Swedish policy
makers. The same policy makers who would decide on measures to reduce GHGemissions from the agricultural sector. However, it should be noted that the
Swedish carbon dioxide taxes are high in an international perspective and will, thus
stimulate abatement measures that are not efficient from a global perspective. For
consistency, the value of reductions of carbon dioxide emissions from taxed sectors
(for example transports) should equal the value of reductions of GHG-emissions in
other sectors, e.g. the agricultural sector; hence the tax on carbon dioxide in the
transport sector can be used to calculate the value of GHG-emission reductions in
the agricultural sector from a national Swedish perspective. In practice, Swedish
policy makers seem to value reductions of carbon dioxide emissions differently
depending on the taxed object. This suggests that the tax is not a pure carbon tax
implemented to reduce carbon dioxide emission but also used to achieve other
policy objectives. As can be seen from Table 3.1 the carbon dioxide tax on fossil
fuel in the transport sector varies from SEK 0.9 to SEK 1.22 per kg CO2. There is thus
no consistent policy on taxation of carbon dioxide emissions even within the
transport sector. The highest value is interpreted as the highest value attached to a
reduction of GHG-emission in the transport sector since the tax is labelled as a carbon dioxide tax even though it is possible that other policy concerns are also
reflected by the tax.

8

The exchange rate in January 2012 was € 1 = SEK 8.8464 (www.riksbanken.se)
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Table 3.1: Applied Swedish carbon dioxide taxes for selected fuels
Fuel (unit)
Gasoline (litre)
Diesel (litre)
3
Natural gas used in vehicles (m )
Source: Skatteverket (2012)

Emissions per unit (kg CO2)
2.36
2.61
1.8

Tax per unit
2.51
3.10
1.62

Tax per kg CO2
1.06
1.22
0.9

As it, on the basis of present knowledge, is not possible to decide whether the EUETS value or the value resulting from the Swedish carbon dioxide taxes represents
the “correct” cost of GHG-emissions, the present paper utilise the former as a
lower bound and the latter (in the form of the tax per kg CO2-equivalents on diesel
fuel) as a higher bound for these costs. Thus, Table 3.2 below presents the range of
values determined by the Swedish diesel tax and the current EU-ETS price (SEK
0.066 per kg CO2-Eq.) on GHG-emissions per Nm3 methane produced using the
quantities in Table 2.8.
Table 3.2: Range of values (SEK 2012 prices) for a subsidy covering the reduction in
GHG-emissions per Nm3 methane produced at a central facility and by a
farm operating its own digestion facility (in parentheses).
Production Region
Type of slurry used
High value (Swedish CO2-tax on diesel = SEK 1.22/CO2-Eq.)
Low value (EU-ETS price = SEK
0.066/kg CO2-Eq.)

South of Sweden
swine slurry cattle slurry
4.01
2.33
(4.04)
(2.43)
0.23
0.13
(0.24)
(0.14)

Central part of Sweden
swine slurry cattle slurry
1.06
0.42
(1.04)
(0.41)
0.06
0.02
(0.06)
(0.02)

3.2 The value of reduced emissions of substances contributing to eutrophication
SwEPA (2009) provides values for a reduction in eutrophication derived from eight
Swedish studies of peoples’ willingness to pay (WTP) for a reduction in nitrogen
leakage to the sea basins adjacent to Sweden conducted from 1990-1999. The
results differ substantially, partly because of differences in the method chosen to
elicit WTP and, partly because the studies were conducted in different regions.
Accordingly, SwEPA (2009) recommend caution when interpreting them.
Five of the studies utilised the so called contingent valuation method (CVM), where
people are asked what they would be willing to pay for a hypothetical reduction in
nutrient leakage. The remaining three studies used the so called travel cost method
(TCM) where WTP is elicited by investigating how much people actually pay to visit
an area with certain qualities regarding eutrophication.
A first observation is that the WTP obtained using the CVM-method is higher than
that obtained using the TCM-method. As noted in SwEPA (2009), there may be sev16

eral reasons for this. For instance, as the TCM-method elicits WTP by investigating
the travel costs for people who actually have visited the area, it only includes the
effect of eutrophication on the value of the area for users (so called utilisationvalues). By asking people for their WTP regardless of if they have visited the area or
not, the CVM-method also allows the inclusion of the effect of eutrophication on
the value of the area for non-users (non-utilisation values). Everything else equal,
this could lead to higher WTP in studies using the CVM-method without casting
doubt on the results. On the other hand, since the CVM-method asks people to
state their WTP, there is a hypothetical element involved, which has been shown to
lead to upward bias in the results. Meta-studies suggest that this upward bias
results in that the elicited WTP, on average, is about three times higher than what
people actually would be willing to pay for the good in the market if they were
given the opportunity to do so (List and Gallet, 2001; Murphy et al., 2005;
Svensson, 2009). Consequently, in SwEPA (2009) the results from the studies using
the CVM-method have been divided by the factor 3 to adjust for this problem.
A second observation is that the underlying studies are at least 12 years old. Hence,
in SwEPA (2009) the results have been adjusted for changes in prices and incomes
that have occurred since they were undertaken to express WTP in 2006 prices.
However, these adjustments do not account for changes in peoples’ views on the
significance of the eutrophication problem that might have occurred. As there has
been much discussion of the effects of eutrophication since 1999 which, inter alia,
has led to the adoption of the Baltic Sea Action Plan in November 2007, it might be
conjectured that peoples’ concerns for the effects of eutrophication have increased
during the period. In that case, the WTP elicited from these early studies are likely
to under-estimate the value of reductions in eutrophicating substances.
A third observation is that the original question asked in the CVM-studies was what
the respondents would be willing to pay for a “large” reduction in nitrogen leakage.
In SwEPA (2009), this was interpreted as how much the respondents would be
willing to pay for a 50 percent reduction in nitrogen supplied to the sea basins in
question (i.e. a reduction of about 2 556 tonnes annually). This was recalculated to
WTP for a reduction of one kg nitrogen by simply dividing the WTP for the 50
percent reduction by 2 556 000. The result is then interpreted as a proxy for the
WTP for a marginal reduction in nitrogen leakage. Now, if the marginal utility of
reducing eutrophication is decreasing, it would be expected that the value of the
first kg of reduced leakage is larger than that of the last. In that case, the values
elicited from the underlying studies may under-estimate the value of a marginal
reduction in nitrogen leakage. However, this may be a smaller problem in the
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present case since production of biogas from manure, if undertaken by several
farmers, would result in non-marginal reductions in nutrient leakage.
With these caveats in mind, we note that SwEPA (2009) concludes that the value of
a reduction in nitrogen leakage lies in the interval SEK 4 – SEK 70 per kg nitrogen in
2006 prices. In 2011 prices, this amounts to between SEK 4.7 and SEK 82.4 and, as
there are no more recent studies, these values are used to calculate the payment
for the reduction in emissions/leakages of nutrients per Nm3 methane produced in
Table 2.8. The results are presented in Table 3.3:
Table 3.3: Range of values (SEK, 2011 prices) for the subsidy covering the reduction
in eutrophicating substances per Nm3 methane produced at a central facility and by a farm operating its own digestion facility (in parentheses).

Production Region
Type of slurry used
High value
(SEK 82.4/kg N)
Low value
(SEK 4.7/kg N)

South of Sweden
swine slurry
cattle slurry
0.62
0.69
(0.64)
(0.71)
0.04
(0.04)

0.04
(0.04)

Central part of Sweden
swine slurry
cattle slurry
0.62
0.69
(0.64)
(0.71)
0.04
(0.04)

0.04
(0.04)

Note: The contribution to eutrophication from 1 g N is 0.35/0.82 = 0.43 g PO4-Eq. (cf. Table 2.5). As the values have been
elicited from peoples’ WTP for a reduction in the supply of nitrogen, the PO4-Eq. in Table 2.8 has been divided by 0.43
to convert them to “N-Eq.”

3.3 The costs of increased acidification and emissions of particular matters
Emissions of nitrous oxides (NOx) and sulphur dioxide (SO2) contribute to acidification which has negative effects on human health and corrodes buildings and other
capital equipment. Emissions of carbon oxide (CO) and particular matter (PM2.5)
also have negative effects on human health and contribute to the soiling of buildings and other equipment. Accordingly, to calculate the societal value of biogas
production, these costs should be subtracted from the value of the reduction in
GHE-emissions and eutrophicating substances.
Contrary to the climate effects, effects on health and capital equipment are of local
nature, implying that they differ depending on local conditions. The impact of a
given emission will, thus, vary depending on the concentration of the pollutant in
the air and the number of persons affected. This implies that emissions in an area
where the concentration is high will result in higher costs for society. The same will
be true for emissions at a location with a high population concentration. Most estimates of their costs have been targeted on emissions from road traffic, see for
instance SIKA (2009) or the ExternE- (European Commission, 1999 and 2005) and
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HEATCO-projects (Bickel et al., 2006). This seems as a relevant starting point also in
the present case.
In SIKA (2009), it is suggested that the values to be used for societal cost-benefit
analysis in Sweden may be derived using the following expression based on estimates by Leksell (1999 and 2000):
Cost
= 0.029 × Fv × (Popi )0.5 × CUE
Kg emission

(1)

where Fv is the so called ventilation factor in region v, Popi is population size at location i, and CUE is
cost per unit exposed.

The product of the first three terms – i.e. 0.029 × Fv × (Popi)0.5 – quantifies the
number of persons exposed to a concentration of 1 µg/m3 annually per kg substance emitted at a given location. This depends on population size and meteorological and topological conditions at that location. Differences in meteorological
and topological conditions are picked up by the ventilation factors which Leksell
have recalculated from estimates by IVL (Persson et al., 1999; Persson and Sjöberg,
1999). 9 However, precisely how this has been done is not transparent. One difference between Leksell and IVL is the expression for the concentration) of a given
substance (which also explains why the ventilation factor is multiplied by the
square root of population rather than by population itself). 10 Leksell also corrects
the empirically measured concentrations at different locations for differences in
heating requirements,11 presumably by replacing the average concentrations during the winter time (when demand for heating differs the most) used by IVL with
the annual average concentrations, but the author is not clear on this. Finally, the
multiplicative constant (i.e. 0.029) in eq. (1) was calculated from the expression for
concentration level (θi = k × Fv × (Popi)0.5) using empirical data on θ and Pop from
Södertälje (a municipality for which Fv = 1).
The last term in eq. (1) – CUE – is the value of the damage caused per person (or
capital unit) exposed to 1 µg/m3 annually of the substance. This differs depending
9

Leksell’s ventilation factors ranges from 1 to 1.6 with the lowest values in the southern coastal
regions and the highest values in the northern inland regions of Sweden (SIKA, 2009).
10
IVL, using empirical data on concentration levels (θ) during the winter 1997/1998 from 33 municipalities, found that the function θ = Fv × Log(Popi) gave a reasonably good estimate of the concentration, implying that Fv = θ/Log(Popi). However, Leksell (2000) found that the expression θ = k × Fv ×
0.5
0.5
(Popi) fitted the empirically measured θ’s better. This implies that, in Leksell, Fv = θ/[k × (Popi) ].
11
Other things equal, a higher demand for heating (due to colder climate) implies higher emission
levels and a higher concentration of substances. However, as Fv is intended to account for differences in concentration caused by dispersion of a given level of emissions, differences in concentration caused by higher emission levels should not affect Fv.
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on type of emissions but not between locations. Table 3.4 shows CUEs for the
respective emissions based on estimates by Leksell and converted to 2006 prices by
adjusting for changes in prices and incomes.
Table 3.4: Cost per unit exposed (CUE) by substance
Substance
PM2.5
SO2
NOx
VOC

CUE (SEK 2006)
515
15.1
1.8
3.0

Source: SIKA, 2009
Notes: VOC stands for “Volatile Organic Compounds“ which includes CO as one substance.
The CUE for PM2.5 includes the value of negative health effects (mortality and morbidity) as well as the costs of
soiling. The CUEs for SO2, NOx and VOC includes the value of negative health effects as well as the costs of capital
deterioration caused by corrosion.

The CUE for PM2.5, is the product of the effects on, respectively, life-expectancy,
morbidity and soiling, and the values of these effects, i.e.:
CUE = ΔLE × WTPLY + ΔI × WTPI + ΔS × WTPS

(2)

where ΔLE is change in life-expectancy, WTPLY is willingness to pay for a life-year, ΔI is change in
morbidity (illness), WTPI is willingness to pay for avoiding morbidity, ΔS is change in soiling, and
WTPS is willingness to pay to avoid soiling.

As to mortality costs (ΔLE × WTPLY), Leksell utilised the results regarding the effect
on age-specific mortality from a 1 µg/m3 increase in annual exposure to PM2.5 in
Bellander et al. (1999). 12 To estimate how this change in mortality affected lifeexpectancy, Leksell then used survival analysis, acknowledging that the quality of
life-years may deteriorate with age as well as that future life-years (regardless of
their quality) should be discounted,. Finally, WTP for a life-year was derived from
the WTP for a statistical life (see Appendix B). This resulted in the following
expression for the societal cost of mortality caused by an increase in exposure:

∆LE × WTPLY = VSL ×

pop
∆LE exp
pop
∆LE tacc

(3)

where VSL is the value of a statistical life obtained from peoples’ WTP for reducing the risk of fatal
pop
is the expected number of quality adjusted and discounted life-years lost
traffic accidents, ∆LE exp

12

Using data from three American studies (Dockery et al., 1993; Pope et al., 1995; Abbey et al.,
1999), Bellander et al. found that age-specific mortality rates would increase by about 0.57 percent.
This has been confirmed in a later study (Pope et al., 2002) who estimated the effect on age specific
mortality to be about 0.6 percent.

20

pop
due to increased exposure in the population, and ∆LE tacc
is the expected number of quality adjusted and discounted life-years lost due to fatal traffic accidents in the population.

The morbidity costs (ΔI × WTPI) caused by increased exposure to PM2.5 was calculated as a percentage (24 percent) of the mortality costs on the grounds that
existing estimates where uncertain and that the ratio of morbidity costs to the cost
of mortality in other studies (e.g. ExternE) where about 24 percent. The origin of
the soiling costs (ΔS × WTPS) is not explained. However, they amounted to about 17
percent of the sum of mortality and morbidity costs in the original 1999-values
(Leksell, 2000). 13
Leksell only discusses the derivation of the CUE for particular matter (PM2.5). As
SIKA does not provide explanations for the derivation of any of the CUEs, values for
nitrous oxides (NOx), sulphur dioxide (SO2) and VOC are very uncertain. According
to some studies (Dockery et al., 1993; Pope et al., 1995 and 2002; Abbey et al.,
1999; Krewski et al., 2000; Forsberg, 2002; Sunyer et al., 2003; Nerhagen et al.,
2005), health effects of sulphur dioxide and nitrous oxides cannot be separated
from those of particular matter as emissions are highly correlated. As the health
effects of particular matter are considered more prominent than those of the other
substances, it is suggested that health effects of the other two substances should
be assumed included in those estimated for particular matter. In that case, the
CUEs for SO2 and NOx in SIKA (2009) should be reduced by the amounts accounting
for negative health effects in order to avoid double counting. However, these
amounts are unknown.
Using the method suggested by SIKA (2009) and assuming that the biogas is produced at a rural location in southern or central Sweden, the cost per kg emission in
2011 prices would be as shown in Table 3.5:
Table 3.5: Cost per kg emission in a rural location (SIKA values, 2011 prices).
SEK/kg
PM2.5
SO2
NOx
CO

South of Sweden (Fv = 1)
2
Average population density = 12.0/km
2 158.08
63.28
7.54
12.57

Central Sweden (Fv = 1.1)
2
Average population density = 7.4/km
1 864.17
54.66
6.52
10.86

Note: In accordance with Leksell (2000), it is assumed that the area affected by the emissions is defined by a circle with a
radius of 20 km = 1256 km2
Data on average population densities from Statistics Sweden.

13

As the 2006-values are equal to the 1999-values multiplied by the changes in consumer prices and
real GDP, the costs of reduced life-expectancy caused by PM2.5 are about SEK 355, the costs of
morbidity about SEK 85, and the soiling costs about SEK 75 per person exposed, in 2006 prices.
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Given the uncertainties in the SIKA-values, one may consider replacing the costs
per kg emission with those estimated in the ExternE- and HEATCO-projects. ExternE
and it successor HEATCO applied the same basic method as Leksell to derive the
cost per kg emission (i.e. multiplying the number of people exposed to 1 µg/m3 of
the substance by the cost per individual exposed). The quantification of health effects (the effects on mortality and morbidity caused by increased exposure) also
rest on the same American studies as SIKA/Leksell. The differences are that they
use another model (the so called RoadPol-model, cf. Bickel et al., 1999) than
SIKA/Leksell to estimate concentrations, and value health effects differently.
The problem with the RoadPol model is that, while it seems to give reasonably
good approximations of the concentrations people are exposed to for Continental
Europe, it has not been validated for Swedish climate conditions (cf. Nerhagen et
al., 2003 and 2005). The Swedish climate differs from that of Continental Europe in
that it, particularly during the winter, is more stable with a higher frequency of
temperature inversions, implying a higher concentration of emitted substances in
Sweden. As to the value of the health effects, the cost of reduced life-expectancy
was elicited from peoples’ WTP for avoiding the loss of one life-year, while the cost
of increased morbidity was estimated by combining cost-of-illness studies (quantifying direct medical costs and costs of absenteeism) with studies of peoples’ WTP
for avoiding the loss of quality of life caused by morbidity (cf. European Commission, 2005). It should be noted that the valuation of a life-year rests on results from
one empirical study carried out in three countries only; the UK, Italy and France (cf.
European Commission, 2005). Similarly, the costs of morbidity are based on costof-illness studies in seven EU-countries (Sweden not included). These costs, as well
as WTP for avoiding the loss of quality of life, depend on the specific ailment and
have only been estimated for a limited number of conditions. 14
As to the costs of capital deterioration caused by soiling and acidification, the damages caused by an increase in emissions are based on exposure-response functions
for various building materials (cf. Bickel et al., 2006). Values of the damages are
said to have been elicited from estimates of restoration costs using market prices in
the respective countries. However, precisely how this has been done is not clear. A
final caveat is that in Bickel et al. (2006) cost estimates from the HEATCO-project
are presented as average costs for urban and rural areas, respectively, in each
country. This implies that it is not possible to differentiate costs between rural
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Respiratory illness requiring hospital admission, Respiratory illness requiring emergency room
visit, Asthma and lower respiratory illness requiring consultation by a general practitioner, Chronic
bronchitis, Days of restricted (major and minor) activity, Days of coughing (cf. European Commission
(2005).

22

locations. Nevertheless, recalculating the HEATCO-values into 2011 SEK prices,
would give the costs per kg emission presented in Table 3.6.:
Table 3.6: Cost for emission at a rural location in Sweden (HEATCO values, 2011
prices).
Emission
Particular matter (PM2.5)
Sulphur dioxide (SO2)
Nitrous oxides (NOx)
Carbon oxide (CO)

SEK/kg
504.79
12.62
16.41
3.79

Source Bickel et al. (2006).
Note: The HETACO values were expressed in € in 2002 prices, have been recalculated to SEK 2011 prices by first using the
exchange rate in 2002 (€ 1 = SEK 9) and then multiplying by the change in CPI from 2002 to 2011 (+14 percent) and
then by the change in real GDP from 2002 to 2011 (+23 percent).

Hence, costs per kg emission are substantially lower for particular matter, sulphur
dioxide and carbon oxide when using the HEATCO- instead of the SIKA-values, while
costs per kg emission of nitrous oxides are higher when using the HEATCO- instead
of the SIKA-values. As it, on the basis of present knowledge, is not possible to
choose between the SIKA and the HEATCO values, this leaves us again with a range
of costs for negative health effects and capital deterioration per Nm3 methane
caused by the emissions as presented in Table 3.7 below.
Table 3.7: Range of costs for emissions of PM, CO and acidifying substances per
Nm3 methane produced at a central facility and by a farm operating its
own digestion facility in parentheses (SEK, 2011 prices).
Production Region

High costs (SIKA-values)
Low costs (HEATCO-values)

South of Sweden
swine slurry cattle slurry
0.68
0.86
(0.62)
(0.80)
0.14
0.18
(0.13)
(0.17)

Central part of Sweden
swine slurry
cattle slurry
0.58
0.74
(0.54)
(0.69)
0.14
0.18
(0.13)
(0.17)

Note: To calculate the costs caused by acidification the amounts of SO2-Eq. in Table 2.8 have been multiplied by the cost for
SO2.obtained from SIKA and HEATCO, respectively, while the costs of CO have been calculated by multiplying the net
increase (emissions in Table 2.4 minus those in Table 2.6) by the cost of CO obtained from the same sources. The “low
cost” estimates are the same regardless of where the biogas has been produced since the HEATCO-values do not
differ geographically and the emissions per Nm3 of PM2.5, SO2-Eq. and CO are the same for biogas produced in the
South of Sweden and in Central Sweden (cf. Table 2.8).

When calculating the societal value of the environmental effects in section 3.4
below, these costs are subtracted from the values of the reductions in GHGemission and eutrophicating substances in section 3.1 and 3.2 above.
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3.4 The environmental value of biogas production
Given the above uncertainties regarding the values of the respective effects, it is
not possible to calculate the exact value of the environmental effects from biogas
production per Nm3 methane. Therefore, a range, where the upper boundary is
defined by the highest values for the reductions in GHG-emissions and eutrophicating substances and the lowest costs for the increase in emissions of PM2.5 and
acidifying substances, and the lower boundary is defined by the lowest values for
the reductions in GHG-emissions and eutrophicating substances and the highest
costs for the increase in emissions of PM2.5 and acidifying substances, is presented
in Table 3.8 below.
It can be seen, from Table 3.8, that as a result of the uncertainties, the range for
the environmental value of biogas production is quite large. Moreover, it includes
both positive and negative values. That is, one cannot exclude the possibility that
biogas production from manure has a negative effect on the environment under
certain circumstances and, thus, should be taxed rather than subsidised. Whether
or not the biogas is produced at a central facility for anaerobic digestion (requiring
transports of manure from the farm to that facility and transports of digestate from
the facility back to the farm) or by a farm operating its own anaerobic digestion
facility, does not affect the results very much.
Table 3.8: Range of values of the environmental effects per Nm3 methane produced at a central facility.

Production Region

High values of benefits (Tables 3.2
and 3.3), minus low values of costs
(Table 53.7)
Low values of benefits (Tables 3.2
and 3.3), minus high value of costs
(Table 3.7)

South of Sweden
swine slurry cattle slurry

Central part of Sweden
swine slurry
cattle slurry

+4.49

+2.85

+1.55

+0.93

-0.42

-0.69

-0.48

-0.68

Note: A positive sign implies that the value of the reduction in GHG-emissions and eutrophicating substances is larger than
the cost of the increase in emissions of PM2.5 and acidifying substances resulting in a subsidy of SEK X/Nm3 methane.
A negative sign implies that the value of the reduction in GHG-emissions and eutrophicating substances is smaller than
the cost of the increase in emissions of PM2.5 and acidifying substances resulting in a negative subsidy (tax) of SEK
X/Nm3 methane.

The most critical assumption is the one regarding the valuation of GHG-emissions.
To illustrate, results from other combinations of values for the environmental
effects are presented in Table 3.9:
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Table 3.9: Values environmental effects per Nm3 methane produced at a central
facility.
Production Region

High CO2-values (Table 3.2) plus high
values for eutrophication (Table 3.3)
minus high values of costs (Table
3.7)
Low CO2-values (Table 3.2) plus high
values for eutrophication (Table
3.3), minus high values of costs (Table 3.7)
Low values of benefits (Tables 3.2
and 3.3) minus low values of costs
(Table 3.7)

South of Sweden
swine slurry cattle slurry

Central part of Sweden
swine slurry
cattle slurry

+3.96

+2.16

+1.11

+0.37

+0.17

-0.04

+0.10

-0.03

+0.13

-0.01

-0.04

-0.12

Note: A positive sign implies that the value of the reduction in GHG-emissions and eutrophicating substances is larger than
the cost of the increase in emissions of PM2.5 and acidifying substances resulting in a subsidy of SEK X/Nm3 methane.
A negative sign implies that the value of the reduction in GHG-emissions and eutrophicating substances is smaller than
the cost of the increase in emissions of PM2.5 and acidifying substances resulting in a negative subsidy (tax) of SEK
X/Nm3 methane.

In the first and second rows of Table 3.9, reductions in GHG-emissions are valued
by, respectively, the Swedish carbon dioxide-tax and the EU-ETS price. Reductions
in eutrophicating substances are valued using the highest WTP, while increases in
PM2.5 and acidifying substances are valued by the SIKA costs. The results illustrate
the effects of the dual nature of current Swedish policy. 15 As can be seen, in either
case this results in a positive environmental value of biogas production from swine
slurry; hence indicating that a subsidy may be warranted. For biogas production
using cattle slurry, on the other hand, the valuation of GHG-emissions is crucial for
whether it should be subsidised or taxed.
Using the EU-ETS price to value reductions in GHG-emissions in combination with
the lowest WTP for reductions in emissions of eutrophicating substances and the
HEATCO-costs to value the increase in emissions of particular matters (PM2.5) and
acidifying substances (bottom row), gives a positive result (implying a subsidy) only
for biogas produced from swine slurry in the South of Sweden but a negative result
(implying that a tax to reduce production may be warranted) for biogas produced
from cattle slurry in the South of Sweden and for all biogas produced in the central
parts of Sweden.

15

The “duality” refers to the valuation of GHG-emissions which are valued by the Swedish CO2-taxes
(if they occur in transports) or by the EU-ETS price (if they occur in sectors included in the EU-ETS).
Given the Swedish commitment in the Baltic Sea Action Plan, it seems reasonable to assume that
policy makers value reductions in nutrient leakage at least as high as the highest WTP estimated in
SwEPA (2009).
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4. Concluding remarks

The present paper has ventured to quantify the net value of environmental effects
from the production of biogas from manure on the basis of the evidence present in
the literature. The purpose was to investigate if a subsidy to biogas production may
be warranted and, if so, how large it should be.
Effects that arise from the end-use of biogas have not been included. The reason is
that there, as noted, already is an indirect subsidy for effects arising in end-use as
biogas is exempted from the Swedish energy and carbon dioxide taxes. Potential
effects on employment from the production of biogas have also not been included.
The reason for this is that, given that biogas production is not the only employment
opportunity open to those so occupied, there are no external societal benefits from
that employment per se. Except for in sparsely populated regions in the inland municipalities in northern Sweden, where the number of farm animals is very limited,
it seems unlikely that employment in biogas production would affect agricultural
land use, biodiversity, or the rural infra-structure. Accordingly, the value of employment in biogas production is reflected by the market value of the biogas produced plus the value of environmental benefits from this production and a subsidy
for employment creation per se is not warranted.
The paper presents a range of values for the environmental impact of biogas production from swine or cattle slurry in different parts of Sweden. It is shown that the
production of biogas has a dual impact on the environment which has often been
overlooked in the policy debate. The paper highlights the importance of the valuations of contradicting environmental effects, such as reduction of greenhouse gases
and eutrophication, on the one hand, and increased local emissions of particular
matters and acidifying substances on the other, when construction policies for biogas production from manure. It is shown that, depending on the choice of values
for these contradicting environmental effects, biogas production from manure
should either be subsidised or taxed, which, of course, is not very conclusive. However, as the foundation for either of the values used is uncertain, there is no scientific base for narrowing the range of values of the environmental effect from biogas
production. This suggests that further research in this area is needed.
A second equally important conclusion is that the local climate has to be accounted
for by the policy since the environmental benefits are shown to vary significantly
across locations due to differences in temperature. As to emissions from traditional
manure handling, our results rest on the two available studies applicable to Scandinavian conditions. As noted, it is not fully understood how emissions of methane
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and nitrous oxide from manure are affected by climatic differences. Hence, the
assumption that the results in the study by Rodhe et al. is representative for the
whole area defined as “Central Sweden” may be questioned. On the other hand,
temperatures in the Uppsala region were higher than normal during the year the
field experiment was conducted (i.e. 2007). In addition, estimated effects on emissions rest on the assumption that the content of dry matter is the same as in the
two studies referred to above. Finally, there is also incomplete knowledge of how
the concentrations of particular matter, sulphur dioxide, nitrogen oxides and CO
from combustion of fossil fuels during the production of biogas are affected by the
Swedish climate. Accordingly, there are uncertainties regarding the quantitative
effects as well.
Somewhat speculative, it may be noted that using the highest values for benefits as
well as costs (first row in Table 3.9), biogas production does result in an environmental net benefit, the size of which depends on location and type of slurry used. It
might be argued that, since this includes the Swedish carbon dioxide tax (to value
reductions in GHG-emissions) and the values suggested by SIKA (to value the costs
of acidification and negative health effects), it would reflect the net value of biogas
production given Swedish preferences. However, there is no scientific foundation
for such a conclusion.
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Appendix A

Table A1: Emissions caused by energy used for transport of manure from the farm
to the digestion facility
Emission

g/ton manure

Conversion factor

g CO2-Eq./ton manure

CO2

760

1

760

CO

0.13

3

0.39

NOx

7.6

7

53.2

HC

0.44

11

4.84

PM2.5
Sum g CO2-Eq./ton manure

0.12
818.43

Energy input MJ/ton manure

10

Table A2: Emissions caused by use of energy for transport of digestate back to the
farm and distribution on the land (each ton of manure is assumed to
produce 1 ton of digestate).
Emission

g/ton manure

Conversion factor

g CO2-Eq./ton manure

CO2

3300

1

3300

CO

4.8

3

14.4

NOx

38

7

266

HC

2.6

11

28.6

PM2.5
Sum g CO2-Eq./ton manure

0.53
3609

Energy input MJ/ton manure

44

Table A3: Emissions caused by use of energy to run the digestion facility
Emission

g/ton manure

Conversion factor

g CO2-Eq./ton manure

CO2

4200

1

4200

CO

3.1

3

9.3

NOx

14

7

98

HC

1.1

11

12.1

CH4

1.1

25

27.5

PM2.5
Sum g CO2-Eq./ton manure

0.45

Energy input MJ/ton manure

4346.9
141
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Table A4: Total emissions caused by energy used for running the digestion facility
and distribution of digestate on the land for a farm with its own a
digestion facility (emissions in Table A2 – emissions in Table A1 +
emissions in Table A3).
Emission

g/ton manure

Conversion factor

g CO2-Eq./ton manure

CO2

6 740

1

6 740

CO

7.77

3

23.31

NOx

44.4

7

310.8

HC

3.26

11

35.86

CH4
Sum g CO2-Eq./ton manure

1.51

25

37.75
7 147.72

PM2.5 (g/ton manure)

0.86

Energy input MJ/ton manure

175

Table A5: Life-cycle emissions from the production of inorganic fertiliser
Emission
CO2
CO
NOx
HC
CH4
Sum g CO2-Eq.
SO2
PM2.5

Average for plants producing nitrogen
fertiliser
g/kg N
g CO2-eq./kg N
3250.00
3250.00
0.36
1.08
8.00
56.00
0.18
1.98
3.10
77.50
3386.56
4.60 g/kg N
0.82 g/kg N

European plant producing phosphorus fertiliser
g/kg N
g CO2-eq./kg P2O2
2920.00
2920.00
4.60
13.80
18.00
126.00
3.90
42.90
7.20
180.00
3282.70
50.00 g/kg P2O2
9.50 g/kg P2O2
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Appendix B

S(x), is the probability of surviving to the age of x years. For each year, the probability of surviving to (x+1) years of age is reduced by the probability of dying during
that year, ψ(x) (the age specific mortality rate). The annual change in S(x) is,
therefore, – ψ(x) × S(x). Assuming continuous age, the probability of surviving from
birth to the age of x years is:
 x

S ( x) = exp − ψ ( z )dz 


 0


∫

(B1)

Life-expectancy at birth, LE(0), is the number of life-years from birth to the maximum attainable age (which Leksell suggests may be set to 100 years), multiplied by
the probability of experiencing each life-year (i.e. the “sum” of the survival functions from birth to maximum age). Again assuming continuous age, LE(0) is:
100

LE (0) =

100

∫ S ( x)dx = ∫
0

0

 x

exp − ψ ( z )dz dx


 0


∫

(B2)

Similarly, life-expectancy for someone who has lived to the age of x* years is:

LE ( x*) =

1
S ( x*)

100

∫
x*

S ( x)dx =

 x

exp − ψ ( z )dz dx


 x*

x*
 0

exp − ψ ( z )dz 


 0

1

∫

100

∫

∫

(B3)

To estimate life-expectancy, Leksell utilises the fact that it has been shown that the
age-dependence of mortality can be approximated by the Gompertz distribution:
ψ ( x) = α × exp(βx )

(B4)

α and β have been estimated to be 0.0000143 and 0.1044, respectively, for Sweden in 1995.

To investigate the effect of changes in the exposure to PM2.5 on life-expectancy, it
is assumed that an increase in exposure will have the same effect on mortality regardless of age. Thus, if ψ(x) is the age specific mortality rate at “normal” exposure,
then the age specific mortality rate from an increase in exposure is:
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Ψ1(x) = R × ψ(x)

(B5)

where R = exp(γ θ) is the effect on mortality of an increase in concentration (θ µg/m3), which is
assumed to be exponential.

Thus, if life-expectancy at “normal” exposure for someone at the age of x* is given
by eq. (B3), then life-expectancy after an increase in exposure of 1 µg/m3 (implying
that θ = 1) occurring at the age of x* is:

LE1 ( x*) =

 x

exp − α exp(γ + βz )dz dx


 x*

x*
 0

exp − α exp(γ + βz )dz 


 0

100

1

∫

∫

∫

(B5)

Consequently, the loss of life-expectancy for one individual caused by an increase
in exposure of 1 µg/m3 of PM2.5 occurring when she is x* years of age, ΔLE(x*) =
LE(x*) – LE1(x*), is:
1
∆LE exp ( x*) =
S ( x*)

100

∫ [S ( x) − S ( x)]dx
1

(B6)

x*

 x
 x


where S(x) = exp − ∫ α exp( βz )dz  and S1(x) = exp − ∫ α exp(γ + βz )dz 
 0
 0



Leksell also accounts for the possibility that quality of life may decrease if health
deteriorates as a person gets older. Using the results in Brooks et al. (1991) who investigated differences in self-rated health status in a sample of Swedish citizens, he
includes a term to adjust for changes in quality of life so that life-expectancy is
measured in quality adjusted life-years, QALYs. This changes eq. (B3) to:

LE ( x*, Q( x)) =

1
S ( x*)

100

∫ S ( x) × Q( x)dx

(B3a)

x*

where Q(x) = vx/vp measures the quality of a life-year at age x (vx) in relation to that of a life-year in
perfect health (vp).

The expression for the change in quality adjusted life-years for an individual who is
x* years old, corresponding to eq. (B6), then becomes:
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1
∆LE exp ( x*, Q( x)) =
S ( x*)

100

∫ [S ( x) − S1 ( x)]Q( x)dx

(B6a)

x*

Finally, Leksell also accounts for discounting by including a discount factor which,
assuming continuous age, is exp[-r(x-x*)]. This implies that the expression for
discounted quality adjusted life-expectancy corresponding to eq. (B3) becomes:
1
LE ( x*, Q( x), r ) =
S ( x*)

100

∫x* S ( x) × Q( x) × exp[− r ( x − x*)]dx

(B3b)

and that the expression for the change in discounted quality adjusted lifeexpectancy for an individual x* years of age, corresponding to eq. (B6), becomes:

∆LE exp ( x*, Q( x), r ) =

1
S ( x*)

100

∫x*[S ( x) − S1 ( x)]Q( x) × exp[− r ( x − x*)]dx

(B6b)

If everyone is exposed to same increase in PM2.5, the expected number of life years
lost in the population can be estimated by multiplying the number of life-years lost
by a person of a given age by the share of persons at that age in the population and
integrating over all ages:
pop
∆LE exp

100

=

∫ φ ( x) × ∆LE

exp ( x, Q ( x ), r ) dx

(B7)

0

where φ(x) is the fraction of the population that is x years old.

It remains to determine the monetary value of the loss of life-expectancy. Here,
Leksell utilises information on peoples WTP for reducing the risk of a fatal traffic
accident. Dividing WTP by the size of the risk reduction gives the Value of a
Statistical Life (VSL). This is assumed to be the value of the average number of
discounted and quality adjusted life-years that is lost in a fatal traffic accident.
Using the same notation as above, the average number of quality adjusted and
discounted life-years lost in a fatal traffic accident for a person x* years of age is:

∆LE ( x*) tacc

1
=
S ( x*)

100

∫ S ( x)Q( x' ) exp[− r ( x − x*)]dx

(B8)

x*
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The expected number of life-years lost due to fatal traffic accidents for the whole
population can be found by weighing the average loss of life-years in each age by
the frequency of fatal traffic accidents in that age and “summing” over ages.
Assuming continuous age, we have:
100
pop
∆LE tacc
=

∫ ∆LE
0

tacc ( x ) ×

A( x)dx

(B9)

100

∫ A( x)dx
0

where A(x) is the number of fatal traffic accident at age x.

Accordingly, the value of a statistical life is:

pop
VSL = v p × ∆LE tacc

(B10)

where VSL, the value of a statistical life was estimated to SEK 13 million in Sweden 1999.

Hence:

vp =

VSL

(B11)

pop
∆LE tacc

The mortality cost of an increase in exposure can then be estimated as:
M
pop
pop
C exp
= ∆LE exp
× v p = ∆LE exp
×

VSL
pop
∆LE tacc

(B12)
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